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f Sinosteel Maanshan General Institute of Mining Research Co., Ltd., Maanshan 24300, China 
g School of Resources and Safety Engineering, Central South University, Lushan South Road 932, 410083 Hunan, China   

H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• A geochemical model with an adsorp-
tion parameter fitting function was 
developed. 

• Provide an in-depth understanding of Pb 
and sulfate retention in a broad pH 
range. 

• The competitiveness of precipitation 
and sorption for Pb retention was 
clarified. 

• Aluminous cement showed relatively 
high compatibility with Pb 
immobilization.  
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A B S T R A C T   

Identifying immobilization mechanisms of potentially toxic elements (PTEs) is of paramount importance in the 
field application of solidification/stabilization. Traditionally, demanding and extensive experiments are required 
to better access the underlying retention mechanisms, which are usually challenging to quantify and clarify 
precisely. Herein, we present a geochemical model with parametric fitting techniques to reveal the solidification/ 
stabilization of Pb-rich pyrite ash through conventional (ordinary Portland cement) and alternative (calcium 
aluminate cement) binders. We found that ettringite and calcium silicate hydrates exhibit strong affinities for Pb 
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Geochemical modelling 
Pyrite ash 

at alkaline conditions. When the hydration products are unable to stabilize all the soluble Pb in the system, part 
of the soluble Pb may be immobilized as Pb(OH)2. At acidic and neutral conditions, hematite from pyrite ash and 
newly-formed ferrihydrite are the main controlling factors of Pb, coupled with anglesite and cerussite precipi-
tation. Thus, this work provides a much-needed complement to this widely-applied solid waste remediation 
technique for the development of more sustainable mixture formulations.   

1. Introduction 

The stockpiling of potentially toxic elements (PTEs) containing solid 
waste is an inevitable consequence of global anthropogenic activities 
and has become one of the most widespread and critical problems 
worldwide [74,78]. Many works have shown that the excessive accu-
mulation of PTEs can cause carcinogenic and poisoning effects on biota, 
thus harming ecosystems [65,67]. For instance, the intake of Pb can 
cause various life-threatening cancers [40], and the over-inhalation of 
sulfates may impair human taste and induce diarrhoea [69]. Considering 
the ubiquitous presence of PTEs in the earth’s upper crust [43], many 
attempts have been made to devise management strategies aimed at 
avoiding the occasional inhalation or inadvertent ingestion of these 
contaminants. 

In this light, the in-situ solidification/stabilization (S/S) approach is 
recognized as an efficient and practicable remediation strategy with 
great potential to be extrapolated in field trials [14,31]. Generally, or-
dinary Portland cement (OPC) represents the prevailing binder exten-
sively used in the S/S process [30], but recent studies within this decade 
have highlighted the importance of mitigating the use of OPC in order to 
entail reaching low CO2 emissions [10,18,79]. Especially, the 
OPC-based mixtures are fairly sensitive to the pH variabilities. Many 
works have proven that PTEs release can significantly increase when the 
pH value of OPC-based mixtures lowers toward neutral conditions as a 
consequence of weathering process or atmospheric carbonation [17,52]. 
Therefore, a growing body of evidence has shown that developing 
alternative low-carbon and highly efficient binders is a crucial way to 
reduce the CO2 emission related to the S/S process, as well as facilitating 
the PTEs immobilization [9]. Many researchers have raised 
ever-increasing attention to the use of alternative materials for PTEs 
immobilization, such as kaolinite [14], biochar [75], calcium aluminate 
cement (CAC) [8], granulated blast furnace slag [73]. However, unlike 
the well-established OPC system, the controls of PTEs in systems based 
on alternative cement remain poorly known [39]. The PTEs fate is still a 
matter of debate despite it is well known that the S/S process diminishes 
the mobility of the toxic elements predominantly in two manners (1) 
coprecipitation and adsorption by hydration products and (2) micro- or 
macro-encapsulation and chemical fixation [54]. More importantly, the 
binder-waste assemblage is highly sensitive to the pH values, which are 
controlled by many factors, such as the mineralogical composition, the 
dissolution of the PTEs-bearing phases (e.g., Pb hydroxides and Zn hy-
droxides), and the interaction with percolating rainwater [1,79]. 
Furthermore, the Pb leaching at acid conditions could be several mag-
nitudes (104 or 105) higher than in neutral pH conditions [14]. There-
fore, characterizing the PTEs leaching behaviors and the associated 
mechanisms over a broad pH range is fundamental in tailoring the field 
application [14,50]. However, relevant empirical analysis to reveal the 
underlying mechanisms responsible for the leaching behavior of con-
stituents remains poorly understood. 

Based on several recent studies, the geochemical modeling approach 
could disentangle how this coupling operates, where insights can be 
gained through the use of pH-dependent leaching tests in association 
with geochemical speciation modeling [12,23,41,66]. In systemic 
studies, the dissolution/precipitation equilibrium of the 
PTEs-containing phases and the cementitious assemblages is assumed to 
be the primary mechanism for the leaching behavior of the PTEs. 
However, there is strong evidence that the ion exchange and adsorption 
also play a critical role in controlling the PTEs release, for instance, the 

Pb could be incorporated into the ettringite structure [15] and adsorbed 
onto the surface of C-S-H/C-A-S-H gel [9,44]. The reconstruction of 
these processes in geochemical modeling is still fragmented and poorly 
constrained [70,80]. This is because the representativeness of the 
modeling is limited by the amount of available data from the thermo-
dynamic database [38,48]. These knowledge gaps hinder the develop-
ment of a fundamental understanding of the controls on PTEs release 
and migration. 

To contribute to filling in these gaps, the main objectives of this work 
are: (1) elucidating the roles of traditional (OPC) and alternative (CAC) 
binders in Pb retention, thus addressing the relatively low Pb immobi-
lization efficiency associated with conventional OPC and (2) integrating 
the insights into the adsorption and ion exchange mechanisms control-
ling Pb mobilization. To achieve these goals, pyrite ash (PA) was char-
acterized to explore its mineralogical composition and the source of Pb. 
Subsequently, the Pb retention performance of S/S immobilized PA in 
both traditional and alternative ways was evaluated by X-ray diffraction 
(XRD) analyses, scanning electron microscopy/energy dispersive spec-
troscopy (SEM/EDS) investigation, and pH-dependent leaching tests. 
Further, the PA-binder assemblages after the leaching tests were 
collected to quantify mineral phase dissolution and re-precipitation. 
Finally, with the thorough characterization of the partitioning of 
chemical species, we constructed geochemical modeling coupled with 
the Parameter Estimation software (PEST). By comparing the identified 
PTEs’ leaching behavior from experiment and simulation, we investi-
gated and quantitatively classified the impacts from dissolution/pre-
cipitation, adsorption, and physical encapsulation on Pb capture. The 
results of this paper demonstrate the feasibility of using the Portland- 
free pathway to immobilize the PA. Further, it provides a reliable 
methodology to guide and test the plausibility of conceptual and nu-
merical models of Pb mobilization and transport, even with a limited 
dataset, which may contribute to a more complete picture of PTEs 
release mechanisms in the stabilized products and improve the trail 
application of S/S technologies. 

2. Materials and methods 

2.1. Sampling and pelletization process 

The PA is collected from an abandoned factory in Ancona, Italy, 
which was devoted to the pyrite (FeS2) roasting process to produce 
sulfuric acid. This site is currently used to store solid waste from the 
pyrite roasting process, sulphuric acid production, and fertilizer pro-
duction. Samples were collected on a systematic sampling grid from the 
surface to a depth of 2.5 m, covering an area of approximately 0.11 km2. 
Before implementing the S/S process, the sample was air-dried and 
passed through a 2 mm mesh sieve. The binders used in this work are 
OPC (CEM I 42.5 R, Barbetti S.p.A., Italy) and CAC (Gorkal 40, Mapei S. 
p.A., Italy). The high-performance S/S process® [14,4] was applied to 
pelletize the PA and binder. The exact mixture proportion is given in  

Table1 
The components proportion of pellets (wt%).  

Label PA (dry) OPC (dry) CAC (dry) Water Water/Solid ratio 

OPP  65.2 16.4 -  18.4  0.23 
CAP  64.9 - 16.3  18.8  0.23 

*Note: the solid represents the total mass of binder (OPC or CAC) and PA 
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Table1, with the water-to-solid (binder+PA) ratio being kept at 0.23, 
which is within the typical range (approximately 0.2) in the S/S process 
for contaminated solid matrices [76]. After pelletization, the samples 
were sealed in plastic bags for 28 days under ambient conditions and 
then sieved to a diameter range between 2 and 10 mm (Fig.S1). The 
chemical compositions of PA, OPC, and CAC are provided in Table.S3. 

2.2. Characterization methods 

The mineral phases of selected samples were identified by X-ray 
diffraction (Malvern Panalytical X’Pert Pro diffractometer, UK) with a 
step of 0.02◦ and a scanning range of 3–84◦ 2θ. Samples were ground in 
an agate mortar and micronized in a McCrone micronizing mill for 5 
mins. To quantify the amorphous content in the pellets, 10 wt% of 
zincite (ACS Reagent, Thermo Fisher Scientific Inc., Waltham, USA) was 
mixed with the powdered samples as an internal standard. Rietveld 
refinement of samples was performed with Topas (v2.1), using the 
Rietveld-Reference Intensity Ratio methods [29,60]. SEM/EDS investi-
gation (CamScan MX3000, Applied Beams, USA) was performed on the 
polished and carbon-coated PA, OPP, and CAP samples. The X-ray 
fluorescence characterizations were carried out to determine the 
elemental composition (PW1480, Philips, USA). 

2.3. Leaching procedures and ions concentration determination 

The pH-dependent leaching tests were performed on the sieved OPP 
and CAP samples following the EN 14429:2015 (British Standards 
Institution, 2015) standard, consisting of a series of parallel batch ex-
tractions tests with increasing pH values. Around 4.50 g of sieved OPP 
and CAP samples were added to 48 mL of ultrapure water (Genie Direct- 
Pure water device, RephiLe Bioscience Ltd., Shanghai, China) and put 
under agitation. Then 2 mL of extraction solution (i.e., either nitric acid 
(HNO3, 5 Molarity, Honeywell Fluka, Germany) or sodium hydroxide 

(NaOH, 5 Molarity, Carlo Erba, Italy) solutions) were progressively 
added to the samples as follows: 1/3 of the extraction solution volume at 
the beginning of the agitation, 1/3 of the volume after 30 min, and the 
last 1/3 after 2 h. Amounts and concentrations of the acid/basic agents 
used for the pH-dependent leaching tests are given in Fig.S3, as well as 
the final pH values of the collected leachates. For the reliability of the 
protocol, the pH variation condition between 44 and 48 h imposed by 
the standard EN 14429:2015 (i.e., ΔpH < 1.5 units) was confirmed. 
Lastly, the supernatants were collected, filtered with a 0.45 µm filter and 
brought to pH < 2, necessary for the preservation of the liquid sample 
and for the ICP-MS elementary analysis (Pb, Al, and SO4). The residual 
solid phase of the samples was dried for 6 h at 70 ◦C prior to the XRD 
characterization. The leaching tests were carried out at room tempera-
ture (25 ± 1 ◦C), and all samples were analysed in triplicates. 

2.4. Geochemical modeling construction 

PHREEQC [1,20,57] and PEST+ + [22] software were used to 
calculate the thermodynamically stable phases and identify the possible 
retention mechanisms (precipitation, adsorption, and ion exchange) 
during the leaching tests. The databases applied in this work include the 
cement-specific database CEMDATA18 [47] and the extended database 
PHREEQCDAT [1]. A schematic of the developed modeling algorithms is 
shown in Fig. 1. 

The solid phase input used in the simulation, indicating the pellets 
mineralogical compositions, is based on the XRD quantification results 
and the SEM/EDS observations of OPP and CAP samples. In addition, 
nitric acid and sodium hydroxide were added to the solution phases to 
simulate acid/alkaline buffering in the leaching tests. Using the above-
mentioned databases, the equilibrium state of possible Pb-bearing pha-
ses in OPP and CAP systems was estimated (Fig. 1b). The PEST+ + was 
coupled with PHREEQC to simulate the roles of adsorption mechanisms 
(using diffuse-double-layer surface model [24]) of C-S-H, amorphous 

Fig. 1. The Pb retention mechanisms and the framework of the forward modeling construction. (a) the optical microscope image of CAP, (b) precipitation/disso-
lution of Pb-bearing phases, (c) adsorption of Pb on C-S-H layers, (d) ion exchange of Pb to the ettringite (the ettringite image is from Puppala et al. [58]), (e) physical 
encapsulation of the Pb, and (f) the simulation framework. 
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aluminate hydroxide, jarosite, ferrihydrite, and hematite (Fig.S2) and 
ion exchange mechanisms of ettringite (Fig. 1d) on Pb immobilization 
[27,30,61]. The output of the coupled model is the concentration of the 
elements in the leachates, validated by experimental results from the 
pH-dependent leaching tests and ICP analyses. In addition, the residues 
of OPP and CAP samples after leaching tests were collected and char-
acterized through XRD to further verify the modeling by comparison 
with the solid phase compositions in the residues. The 
Pb/sulfate-containing phase was divided by the initial Pb/sulfate input 
in the PHREEQC simulation to calculate the changes in 
Pb/sulfate-containing phase distribution with pH values (e.g., 1 g of 
total Pb input in the modeling with 0.2 g of Pb precipitates as anglesite, 
0.1 g of Pb is adsorbed by C-S-H, and 0.7 g of Pb is the solution, the 
Pb-containing phases distribution is 20, 10, and 70 wt%). 

3. Results 

3.1. Characterization of the PA samples 

The XRD pattern (Fig. 2a), quantified mineralogical compositions 
(Table.S3), and SEM/EDS micrograph (Fig. 2b) of PA samples display 
the typical mineralogical and chemical compositions of roasted pyrite, 
mainly constituted by hematite (Fe2O3), gypsum (CaSO4⋅2 H2O) and 
jarosite (KFe3(SO4)2(OH)6) [53]. Typical silicate minerals, quartz (SiO2) 
and feldspar (albite (NaAlSi3O8), orthoclase (KAlSi3O8), and/or anor-
thoclase ((Na, K)AlSi3O8)) are also present in PA samples. The Pb is 
mainly present as anglesite (PbSO4) and kintoreite (PbFe3(PO4)(SO4) 
(OH)6), typical phases usually found in weathered PA [56]. Further, the 
EDS analyses indicate that aside from anglesite and kintoreite, the 

presence of Pb in PA is also associated with Ca, Fe, and Si (Fig. 1d) [27]. 
A detailed characterization of the collected PA samples can be found in 
our previous work [46]. 

3.2. Characterization of the OPP and CAP samples 

The XRD diffractograms and the quantification results (Fig. 3) show 
that ettringite is the primary crystalline hydration product (4.5 wt%) 
detected in the OPP samples. The observed calcite (6.1 wt%) could be 
attributed to portlandite carbonation at early ages when the cement- 
based sample is exposed to the ambient atmosphere [63]. By subtract-
ing the known amount of ZnO fraction, the amorphous content is 
quantified as 24.4 wt%, mainly consisting of the C-S-H gel [14]. He-
matite (45.5 wt%), gypsum (9.2 wt%), and jarosite (3.1 wt%), origi-
nating from the PA samples, are still present in the stabilized OPP 
pellets. The Pb-bearing phases demonstrate different fates as the 
anglesite is totally dissolved, whereas the kintoreite (0.4 wt%) remained 
in the OPP matrix. Regarding the CAP pellets, large ettringite (14.6 wt 
%) and gibbsite (4.8 wt%) fractions are present as a consequence of the 
high Al content of the CAC binder. In turn, the weight percentages of 
sulfate-bearing minerals, gypsum (4.2 wt%) and jarosite (1.9 wt%) 
decrease compared to the OPP pellets. The dissolved gypsum and jar-
osite act as sulfate sources for the ettringite precipitation. Further, the 
amorphous content in CAP pellets is quantified as 10.0 wt%, which may 
be primarily attributed to the amorphous Al(OH)3 or CAH gel since the 
C-(A)-S-H gel does not precipitate in the CAC system [42,59]. 

The SEM/EDS (Fig.4) images of OPP samples ascertained the pres-
ence of unhydrated clinker particles (rectangle-marked particles in 
Fig.4b) and hematite particles (bright assemblages), which are 

Fig. 2. The mineralogical and BSE images of the PA sample. (a) XRD pattern of the PA powder, (b) BSE image showing the different morphologies of hematite, (c) 
BSE image demonstrating the Pb incorporation in complexes assemblage, and (d) EDS patterns related to the points marked in image c. A: anglesite, F: feldspar, 
indicating albite, orthoclase, and/or anorthoclase, G: gypsum, H: hematite, J: jarosite, K: kintoreite, Q: quartz. 
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embedded in the C-S-H matrix (Ca and Si-rich area, see Fig.4d and e) 
connecting the unreacted portions. Pb (Fig.4c) is homogeneously 
dispersed within the cementitious matrices, with a slight enrichment 
along the edge of unhydrated cement particles (red rectangle in Fig.4c) 
and in the interstitial space of hematite aggregates (yellow rectangle in 
Fig.4c and f). The presence of Pb in the rims of the unreacted cement 
particles could be attributed to incorporation in C-S-H through linkages 
to Si–O chains, which has been widely reported [14,30]. 

Fig.5a shows the presence of a large amount of ettringite within the 
cementitious matrix, forming the microstructure of CAP samples. 
Similar to the OPP samples, Pb was mainly correlated with the hydration 
products. However, small particles characterized by a marked Pb 
enrichment can be observed in the matrix (bright particles in Fig.5b and 
marked circular area in Fig.5c), possibly corresponding to anglesite 
(Fig.5h). The Si distribution (Fig.5e) is not equal along the different 
binder scenarios. In CAP samples, it is more relevant to the presence of 
alkali feldspars solid solutions (e.g., albite, orthoclase, and anortho-
clase), originating from the collected PA samples. In addition, Pb is 
found incorporated in the Fe sulfates aggregates (dash rectangle marked 
area in Fig.S4a). From the qualitative EDS quantification results (Fig. 
S4b), the relatively high fraction of Pb (23.8–25.1 wt%), Fe 

(40.9–42.5 wt%), and S (18.2–19.9 wt%) is compatible with the pres-
ence of plumbojarosite (Pb0.5Fe3(SO4)2(OH)6) because the low amount 
of detected K and Na are not consistent with the presence of potassium/ 
sodium-jarosite (K/NaFe3(SO4)2(OH)6). However, the conditions under 
which plumbojarosite may form are still not clear. Many studies suggest 
that this mineral is prone to precipitate and keep stable under harsh 
acidic conditions with a high-Pb concentration [19,25,36]. But a few 
field investigations indicate that it can be stable in neutral and basic 
conditions [26,37,7]. It should be considered that at high pH values and 
high Ca concentrations, the precipitation of Ca-containing phases (por-
tlandite and/or calcite) can affect the decomposition kinetics of plum-
bojarosite [37]. In particular, portlandite and calcite tend to preserve 
the plumbojarosite aggregates and accordingly lower the dissolution 
rate tend to block the plumbojarosite aggregates and accordingly lower 
the dissolution rate. 

3.3. Leaching behavior of Pb and sulfates from the pH-dependent leaching 
tests and modeling 

To reveal the PTEs immobilization efficiency of the OPP and CAP 
pellets, the leaching behaviors of Pb and sulfates at different pH values 

Fig. 3. The XRD investigation of the OPP and CAP samples. (a) XRD patterns and (b) The quantification results. C: calcite, E: ettringite, G: gypsum, H: hematite, I: 
Gibbsite, J: jarosite, K: kintoreite, L: gehlenite, O: alite and/or belite, Q: quartz, R: grossite, T: krotite, and Z: zincite. Binder in Fig. 2b indicates the sum fraction of 
alite and belite in OPP samples and the sum fraction of gehlenite, grossite, and krotite in CAP samples. 

Fig. 4. SEM/BSE images of OPP samples. (a) backscattered microscopy image of OPP sample, (b) images demonstrating the presence of unreacted hematite and 
clinker phases, (c) elemental mapping of Pb, (d) Ca, (e) Si, (f) Fe, (g) Al, and (h) O. 
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were investigated (Fig.6). The amount of HNO3 and NaOH solutions 
used to reach the target pH values are given in Fig.S3. The detected pH 
value of CAP pellets (pH 9.8) is slightly lower compared to OPP pellets 

(pH 10.9) and is consistent with results reported in the literature [14,5]. 
Concerning the Pb leaching (Fig.6a and b), both scenarios show 
amphoteric leaching behavior, where the minimum Pb leachability of 

Fig. 5. SEM/BSE images of CAP samples. (a) backscattered microscopy image of CAP sample, (b) image demonstrating the presence of lead sulfates, (c) elemental 
mapping of Pb, (d) Ca, (e) Si, (f) Fe, (g) Al, and (h) S. 

Fig. 6. The pH-dependent leaching tests of Pb and sulfates. (a) The leaching behavior of Pb in OPP samples, (b) The leaching behavior of Pb in CAP samples, (c) The 
leaching behavior of sulfates in OPP samples, and (d) The leaching behavior of sulfates in CAP samples. EXP and SIM indicate the leaching results from experiments 
and simulation, respectively. 10.9 and 9.8 solid lines represent the detected pH value of the OPP and CAP pellets, using ultrapure water as the extraction solution. The 
limits of Pb and sulfate concentration is from Standard based on Decreto legislativo 3 aprile 2006, n. 152, Norme in materia ambientale. HNO3 and NaOH mean the 
buffering agent used to reach the target pH values. 
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OPP (2.3 μg/L) and CAP (4.4 μg/L) pellets were observed at pH 11.4 and 
10.2, respectively. Although the Pb retention efficiency of the CAP 
sample is slightly lower than the traditional OPP sample at moderate 
alkaline conditions, the Pb retention capacity of CAP at highly-acidic 
and -alkaline conditions is more satisfactory than the OPP samples. 
When the pH value decreases below 4, the detected Pb concentration of 
OPP is 43000 μg/L (pH 3.3), whereas the highest value (12000 μg/L) for 
CAP was found at pH 3.8. The estimated Pb release from OPP and CAP 
modeling also ascertained their experimentally determined amphoteric 
characteristic, as the highest Pb concentration was observed at harsh 
acid conditions (pH<4) and the lowest is presented at moderate alkaline 
conditions (pH from 7 to 11). 

Contrary to the Pb leaching behavior, the sulfate releasing is close to 
a steady dissolution state for both scenarios, varying from 600 to 
970 mg/L in the studied pH range (Fig.6c and d). However, the simu-
lation of sulfate leaching of OPP samples at basic and neutral conditions 
is less satisfactory than the estimation at acid conditions. With the in-
crease of pH values, the sulfates concentration from the modeling 
gradually increased (pH approximately at 7–10) and then remained 
stable under alkaline conditions, but an order of magnitude higher than 
the experimental results (e.g., 7.3 ×103 and 8.4 × 102 mg/L at pH of 
12.9, Fig.6c). 

3.4. Quantification of Pb and sulfates phases in OPP and CAP pellets 

Fig.7 gives the quantitative results of the Pb and sulfates-bearing 
species of OPP and CAP modelings under the studied pH ranges. At 
alkaline pH conditions (pH > 8), the immobilization of Pb in the OPP 
samples mainly relies on the adsorption and ion exchange capabilities of 
C-S-H and ettringite (Fig.7a). With the decrease in pH values, the neutral 
pH conditions are no more suitable for the equilibrium of C-S-H and 
ettringite. Therefore, the adsorbed Pb is gradually released as a conse-
quence of the dissolution of hydration products. Then the soluble Pb 
precipitates as cerussite or is partially immobilized by the ferrihydrite 
(Fe(OH)3) and hematite. At acidic conditions (pH <5), the Pb immobi-
lization is attributed to the anglesite precipitation and hematite 
adsorption. However, non-negligible amounts of Pb remain soluble in 

pore solutions, as the leaching tests (Fig.6a) ascertained that the Pb 
leachability at pH 3.3 is a thousand times higher than the specified limit. 
In Fig.7b, the Pb retention of CAP samples at alkaline conditions is 
primarily assigned to the adsorption and ion exchange with ettringite 
and hematite or precipitation as Pb(OH)2. At neutral pH conditions (pH 
7–8), Pb leachability is dominated by hematite and ferrihydrite 
adsorption. Then Pb partially redissolves and reprecipitates as cerussite 
and anglesite, and a portion of soluble Pb remain in the pore solution in 
the forms of Pb2+, PbNO3

- , and PbSO4(aq) when the pH shifts to acid 
conditions. From Fig.7c and d, the sulfates variation of OPP and CAP 
samples demonstrate a similar trend in acidic conditions (pH approxi-
mately from 3 to 7). In these conditions, sulfate mainly precipitates as 
jarosite, anglesite, and gypsum. Whereas gypsum is the principal sulfate- 
bearing phase at pH values ranging from 7 to 9. The ettringite fraction 
increases at basic conditions, which are suitable for the stability of hy-
dration products. 

3.5. Validation of the modeling construction: mineralogical 
characterization of the residues 

Fig.8 and S5 show the XRD quantification results from the collected 
OPP residues after the leaching tests at pH values of 3.3, 5.3, and 12.9 
and the solid phase quantification results from the simulation. The XRD 
mineralogical analyses and geochemical modeling confirm the dissolu-
tion of ettringite and portlandite with decreasing pH values, whereas 
gypsum and jarosite are prone to precipitate at acidic conditions. 
However, the estimation of carbonates (calcite and vaterite) equilibrium 
in the modeling is less satisfactory. From the XRD quantification, car-
bonates are present in the OPP residues in the broad pH range studied, 
but the geochemical modeling indicates that the precipitation of car-
bonates can only be observed at highly alkaline conditions (pH 12.9, 
1.2 wt%). In addition, the experimentally quantified amorphous frac-
tion in the residues varies from 15.4 to 30.4 wt%. This observation can 
be better explained by the modeling results, as the amorphous fraction at 
basic conditions is mainly composed of C-S-H, as well as a minor content 
of ferrihydrite. With the acid addition, these constituents decrease 
gradually due to the continuous dissolution, whereas the amorphous 

Fig. 7. The simulated PTEs-bearing phases variation as a function of pH values. (a) the variation of the Pb-bearing species in OPP samples, (b) the variation of the Pb- 
bearing species in CAP samples, (c) the variation of the sulfates-bearing species in OPP samples, and (d) the variation of the sulfates-bearing species in CAP samples. 
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fraction is mainly assigned to amorphous silicates dissolved from the C- 
S-H matrices [32] and precipitated Al(OH)3. 

The mineralogical analyses of CAP residues performed by XRD and 
geochemical modeling are shown in Fig.9 and S6. Similar to the OCP 
characterization, the primary crystalline hydration product ettringite in 
CAP residues mainly precipitates in alkaline conditions. Ettringite is 
identified at the basic pH range (12.3 wt%, pH 11.9) and, in minor 
amounts, at the neutral pH range (5.1 wt%, pH 6.0). Gypsum is found in 
all the CAP residue samples even though the weight percentage de-
creases from acid to basic conditions (from 11.3 wt% to 7.0 wt%, pH 
from 3.8 to 11.9). In addition, the concentration of experimentally 
detected aluminium hydroxides (amorphous Al(OH)3 and crystalline 
gibbsite) is in a relatively constant fraction range (22.6–24.7 wt%). The 
simulation also reflects this trend, but the quantified aluminium hy-
droxides weight percentages are only half of the experiments, with a 
range of 11.1–12.1 wt%. Carbonates in CAP residues are only found at 
the pH value of 11.9, with 1.4 and 0.9 wt% being quantified in EXP and 
SIM, respectively. 

4. Discussion 

Although the general PTEs retention mechanisms have been dis-
cussed and studied for many years [14,30,39,11], it is always chal-
lenging to quantify and clarify the exact roles of cementitious phases in 
PTEs immobilization. This is because the leaching of PTEs in the stabi-
lized products is dominated by multiple physico-chemical parameters, 

such as the physical encapsulation from the hardened cementitious 
matrices [33], the dynamic changes in solid and liquid compositions 
[21,80], and the inherent variability of PTEs-bearing phases due to the 
different binder scenarios [14,81]. Traditionally, the reliability of the 
thermodynamic database is the major limitation in the forward 
geochemical modeling construction when building such a complex and 
dynamic process. Furthermore, leachability estimation is deficient in 
many case studies without fitting procedures (e.g., normalization coef-
ficient and fraction adjustment) [16,35,45,55,6]. In the combined model 
presented here, adsorption and ion exchange of PTEs in multiple species 
from original solid waste (hematite, jarosite, and ferrihydrite) and 
incorporated binder phases (ettringite, C-S-H, and amorphous Al(OH)3) 
are revealed, as well as the mechanisms of precipitation/dissolution. 

In the OPP samples simulation, the retention of Pb at basic pH values 
is mainly controlled by the ettringite and C-S-H. In previous works 
without the adsorption estimation, which did not account for the effect 
of adsorption, the Pb stabilization at higher pH values is predominantly 
assigned to sparingly-soluble compound precipitations (e.g., hydro-
cerussite and Pb(OH)2) [3,62,68]. However, the SEM results (Fig.4c) 
validate the Pb incorporation into the C-S-H as the Pb is concentrated 
along the edge of cement particles, where C-S-H commonly form by 
heterogeneous nucleation, with a preference for Ca and Si-enriched 
area. Although the Pb incorporation in ettringite is not directly 
observed in this work, the structural substitution of Pb in ettringite has 
been extensively reported [15,28,72]. This indicates that the fate of Pb 
in the OPP matrices is to be directly sorbed by the C-S-H, forming 

Fig. 8. The quantified mineralogical assemblages of the collected OPP residues from the XRD patterns and Phreeqc models and the correlated deviation. The leachate 
pH values are (a) 3.3, (b) 5.3, and (c) 12.9. The abbreviation "EXP" indicates the quantified mineralogical compositions from XRD. The abbreviation "SIM" means the 
quantified mineralogical compositions from modeling. The "Pb-bearing phases" is the sum of weight percentages of anglesite, cerussite, hydrocerussite, and Pb(OH)2. 
The "amorphous" represents the experimentally quantified amorphous fraction in XRD (EXP), whereas, in simulation (SIM), it is the sum of the estimated amorphous 
silicates dissolved from the C-S-H matrices, amorphous C-S-H gel, amorphous Fe(OH)3, and amorphous Al(OH)3. 

Fig. 9. The quantified mineralogical assemblages of the collected CAP residues from the XRD patterns and Phreeqc models and the correlated deviation. The leachate 
pH values at (a) 3.8, (b) 6.0, and (c) 11.9. The abbreviation "EXP" indicates the quantified mineralogical compositions from XRD. The abbreviation "SIM" means the 
quantified mineralogical compositions from modeling. The "Pb-bearing phases" is the sum of weight percentages of anglesite, cerussite, hydrocerussite, and Pb(OH)2. 
The "aluminates" in EXP represent the experimentally quantified amorphous fraction and gibbsite in XRD, and in SIM, indicates the accumulation of amorphous Al 
(OH)3 and crystalline gibbsite. 
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Pb-enriched outer rings distributed around the cement particles [72]. 
The increase in pH values of the environment (from 10.9 to 12.9) is 
well-known to slightly affect the solubility of hydration products. 
Therefore, under such conditions, the Pb would likely form hydroxides 
and be preserved in an alkaline environment according to the widely 
reported hypothesis of hydroxide precipitation [64,65,71]. With the pH 
values moving to neutral conditions, the model (Fig.7a) indicates that 
the minimum of the Pb leaching curve (Fig.6a) is dominated by pre-
cipitation of anglesite and cerussite and adsorption by hematite and 
ferrihydrite. However, other studies suggested that the enhanced Pb 
immobilization is mainly related to the encapsulation from the hardened 
cementitious phases, which efficiently prevents Pb leaching [2,33,51, 
62]. Therefore, to give a better representation of Pb leachability, Sol-
puker et al., [62] estimated that only 10% of the phases would take part 
in the dissolution/precipitation process when the pH values of the sys-
tem are lower than 11. Similar specific leaching coefficients of 31% and 
40% are also introduced in the work of Halim et al., [33] and Berthomier 
et al., [2], respectively. The Pb speciation of simulated OPP samples 
under acidic conditions (pH<5, Fig.7a) confirms the results of previous 
investigations [13,14] that anglesite precipitation is the primary 
Pb-bearing phase in this equilibrium. Consequently, due to the high 
acidity of the system, a considerable amount of soluble Pb is released 
into the solution. 

Regarding the Pb immobilization in CAP samples at basic conditions 
(Fig.7b), it is not surprising that ettringite is the main contributor, with 
approximately 58% of Pb stabilized by ettringite which is approximately 
ten times higher than the relative percentage in OPP samples (4%, pH 
12.9). In addition, although the adsorption by means of amorphous Al 
(OH)3 is defined in the CAP modeling system (Table.S2), 38% of Pb is 
stabilized by the precipitation of Pb(OH)2 at the pH value of 11.9, unlike 
the OPP systems, where most of the Pb available is incorporated in C-S-H 
(Fig.7a). This difference is possibly assigned to the relatively low Pb 
concentrations in both systems, as the Pb fraction is lower than 1 wt%. 
When the concentration of Pb exceeds the amount that can be bound to 
the surfaces of host phases, the excess Pb forms hydroxides. Therefore, in 

the OPP system, the high specific surface area and the layered structure 
of C-S-H may maximize the Pb adsorption capacity. Wang and Wang 
[72] reported a similar finding, as they observed that adsorption onto 
C-S-H and Pb hydroxide precipitation plays an approximately equivalent 
role in Pb immobilization. By contrast, in the CAP system, the specific 
surface area of amorphous Al(OH)3 is much lower compared to C-S-H 
(Table.S2), giving the overall system a relatively low sorption capacity 
compared to the OPP samples. Therefore, in this system, Pb immobili-
zation is mostly controlled by ettringite and precipitation of hydroxides. 
Another interesting difference is that when the pH values are slightly 
acidic (pH from 4 to 7), Pb in CAP dissolved from the ferrihydrite surface 
and partially precipitated as cerussite and anglesite. However, the 
relative Pb fraction captured by hematite is nearly constant at 45% 
(Fig.7d), which ascertains the assumption of overall system maximum 
adsorption capacity. Because of the physical encapsulation defined in 
this work, the total amount of Pb input within CAP samples is estimated 
to be only a quarter of OPP samples (Table.S2). Therefore, after all the 
active binding sites of hematite are occupied by Pb, the remaining sol-
uble Pb reacts with the sulfates dissolved from the ettringite and slightly 
dissolved CO2 from the atmosphere. Since the amount of Pb defined in 
OPP samples is higher than in CAP, more soluble Pb would be released to 
the pore solution and induce the precipitation of additional Pb-bearing 
phases. Consequently, different Pb retention mechanisms were shown. 

To further quantify the relative Pb host capacities (ion exchange, 
adsorption, and precipitation) of the phases defined in the model, 
excluding the effects of estimated physical encapsulation, we calculated 
the relative capacity of each phase in the studied pH range (Fig.10). The 
results reveal that the cementitious matrices (ettringite and C-S-H) have 
greater Pb capacities compared to the phases present in PA samples 
(hematite, jarosite, and ferrihydrite). Obviously, the enhanced Pb ca-
pacity of cementitious matrices is more efficient at high pH conditions 
due to their inherent stability at such pH values (Fig.10a and b). When 
the cementitious matrices cannot effectively stabilize all the soluble Pb 
in the system, hematite and ferrihydrite contribute to its uptake (Fig.10c 
and d). Similar experimental findings were also reported in the literature 

Fig. 10. The relative Pb hosting capacities of multiple phases in OPP and CAP (mol/mol). (a) ettringite, (b) C-S-H, only present in OPP samples, (c) hematite, (d) Fe 
(OH)3, (e) jarosite, and (f) Pb-precipitations. Note that the Pb host capacities with adsorption and ion exchange are calculated by dividing the mole content of 
adsorbed Pb by the mole content of attributed phases. (e.g., 1 mol of Pb is adsorbed by 10 mol C-S-H, then the Pb host capacity is 0.1 mol/mol). The Pb host capacity 
in image f indicates the mole percentage of anglesite, cerussite, and Pb(OH)2 with respect to the immobilized Pb. 
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[49,71]. In fact, without solidification/stabilization, the Pb incorpora-
tion into the iron (oxyhydr)oxides takes place between neutral and 
alkaline pH. Moreover, Pb can only be released from the iron phases at 
highly acidic conditions (pH <2) or during reductive dissolution (e.g., if 
the colloids are buried within anaerobic sediments) [49,71]. 

Interestingly, although the current simulation conforms to the 
experimental Pb leaching profile (Fig.6a and b) and the variation of 
mineralogical composition (Figs. 8 and 9), there are some limitations to 
our interpretation, i.e., the estimation of carbonates and sulfates disso-
lution/precipitation in this pH range needs to be further investigated 
and optimized. The overestimation of carbonates could be partially 
attributed to the kinetic of calcite dissolution. Although the pH decrease 
is one of the critical factors controlling the dissolution of the carbonates, 
both the porosity of the samples and the concentration gradient in the 
local aqueous phase conditions can also be essential mechanisms when 
applied in natural systems, as a previous investigation indicates that the 
calcite fluctuates between precipitation and dissolution [52]. With 
respect to the sulfate leaching, the estimation in both CAP and OPP 
profiles under acidic conditions is relatively acceptable. However, the 
sulfate release from the OPP samples under alkaline conditions differed 
from the experimental results, with an upward increase in the simulated 
leaching curve, while this increase was not observed in the experimental 
results (Fig.6c). One possible explanation for this leaching deviation is 
that the model ideally calculates chemical equilibria and does not reflect 
the reaction kinetics (e.g., dissolution/precipitation kinetics) and 
physical information (e.g., changes in porosity). The sulfate concentra-
tion of OPP and CAP samples under alkaline conditions is dominated by 
ettringite, gypsum, and aluminate balance. At highly alkaline conditions 
(pH>10), which enable the ettringite precipitation, the dissolution of 
gypsum is herein increased in order to provide additional sulfate for the 
formation of ettringite, thus compensating for the sulfate scarcity. 
However, in real cases, ettringite formation and dissolution is also a 
kinetically controlled process [77], which was not considered in the 
modeling of this work. As a result, at high pH values (Figs.8c and 9c), 
ettringite is oversaturated in both the OPP and CAP systems, and 
therefore its weight fraction is overestimated. Accordingly, the weight 
fractions of gypsum and aluminates from the PHREEQC simulation are 
underestimated. In order to interpret a reliable description of this kinetic 
process, a reactive transport model involving rate constant, diffusion 
coefficient, and surface complexation constant can be implemented in 
future works. Furthermore, it is worth noting that in OPP samples more 
calcite is observed in experimental quantification results (Fig.8), which 
could be partially related to the extra carbonation during air-drying. As 
this procedure may lead to the accelerated carbonation of ettringite and 
amorphous content (mainly C-S-H) in OPC-based mixtures [34]. 

In general, our developed method enables a better understanding of 
the PTEs immobilization roles of the main hydration products and 
inherent phases in solid waste, which is hardly revealed by the experi-
mental techniques. In turn, understanding the extent of this role varia-
tion will allow a more accurate and reliable mixture design for the in- 
situ remediation industry. The implications of these results underscore 
the importance of not only predicting and clarifying the PTEs immobi-
lization amounts as a function of pH values but also highlighting the 
essential question of how the stabilized products would contribute to 
PTEs retention when the field conditions are under harsh or unsuitable 
conditions. For example, when the pH of the rainfall and groundwater 
changes with the season or anthropogenic activities, the predicted 
concentrations of dissolved PTEs could be used to forecast whether 
secondary pollution will occur. 

Ultimately, we stress that our approach has certain limitations, as its 
input data depends on a relatively comprehensive mineralogical and 
chemical characterization of the samples. This is due to the inherent 
nature of cement hydration systems, which contain a large number of 
amorphous hydration products (Fig.3, e.g., C-S-H in OPP and CAH in 
CAP). Quantifying the mass fraction of these amorphous contents in the 
stabilized products is necessary for our model, not only because they are 

important hosts for PTEs that can be retained by means of chemical 
stabilization, but they also provide considerable physical encapsulation 
to the overall systems to prevent the PTEs from getting contact with the 
leachate. Future work could therefore aim to develop a ’cradle to gate’ 
model for the S/S process, using the bulk characterization of raw waste 
and binder as model inputs to predict the composition of the waster- 
binder mixtures as well as the leaching behavior of the PTEs. In addi-
tion, we recognize that the reliability and accuracy of our present model 
can be improved by further efforts of data collection in PTEs pH- 
dependent leachability with different PTEs concentrations and 
different mixtures proportions. Should the changes be significant, the 
model will need to be re-assessed and re-calibrated. 

5. Conclusion 

This study explores the role of the PTEs immobilization capacity of 
cementitious phases and solid wastes phases in a broad pH range. The 
Pb-rich PA waste was stabilized in traditional (OPC) and alternative 
(CAC) binders to optimize the Pb leachability and mitigate CO2 emis-
sions. The experimental and modeling investigations contribute to the 
understanding of the solidification/stabilization mechanisms of each 
scenario. The following conclusions can be drawn based on the results 
obtained from the experiment and modeling: 

(1) both scenarios demonstrate high retention of Pb at neutral and 
alkaline pH conditions ( approximately from 7 to 11). The use of CAC 
binder effectively enhanced the Pb retention capacity of the stabilized 
products, especially in harsh acid conditions, with only a quarter of Pb 
concentration detected in CAP samples (11000 μg/L) compared to OPP 
samples (43000 μg/L). Experiments reveal that Pb incorporation in OPP 
samples is mainly associated with the presence of C-S-H, with an 
observed enrichment in Ca and Si-rich areas along the cement particles 
(where C-S-H precipitation occurs), whereas the Pb is homogeneously 
distributed in the CAP samples. 

(2) Geochemical modeling reveals that C-S-H adsorption is the pri-
mary Pb immobilization mechanism of OPP samples under alkaline 
conditions, with a 0.1 mol/mol Pb retention capacity that can be 
reached. When the pH is unsuitable for C-S-H precipitation, cerussite 
and anglesite precipitation are the main controls of Pb leachability, with 
small amounts of soluble Pb being adsorbed by hematite and 
ferrihydrite. 

(3) Regarding the CAP samples, precipitation of Pb(OH)2 and 
incorporation in ettringite are the primary control mechanisms for Pb 
equilibrium in alkaline environments. The Pb host capacity of ettringite 
is estimated to be approximately 0.1 mol/mol, which is equivalent to C- 
S-H. However, the contribution of hematite and ferrihydrite adsorption 
to Pb equilibrium is observed in a broader pH range compared to OPP 
samples. Likewise, the cerussite and anglesite precipitation shows 
stronger affinities for Pb immobilization in acid conditions. 

(4) The sulfate release in both cases is at a steady state, varying from 
600 to 900 mg/L in all experiments conducted. The modeling results 
suggest that sulfate retention is controlled by the dissolution and pre-
cipitation of anglesite, gypsum, ettringite, and jarosite. But the estima-
tion of sulfate leachability is relatively limited, particularly in the OPP 
samples, which might be influenced by the equilibrium kinetics of 
ettringite. Further work is in progress to assess the impact of the disso-
lution/precipitation kinetics of the discussed phases for PTEs 
immobilization. 

Environmental implications 

Potentially toxic elements (PTEs) pollution from industrial activities 
have driven land degradation with detrimental to human health. In-situ 
remediation has been proven to be important for the sustainable man-
agement of brownfield sites, but there is a limited empirical analysis of 
the underlying mechanisms responsible for PTEs leaching. This study 
proposed an integrated framework that employs the geochemical model 
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PHREEQC and parameter-fitting software PEST+ + to clarify and 
quantify the impacts of multiple physicochemical constituents (e.g., 
physical encapsulation, ion exchange, adsorption, precipitation, and 
dissolution) in controlling PTEs retention across a wide pH range, which 
is challenging to be revealed by experiments. 
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